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Environmental context. Mercury, a globally important pollutant, undergoes transformations in the environ-
ment to formmethylmercury that is toxic to humans. Naturally occurring dissolved organicmatter is a controller
in these transformations, and we demonstrate that its strength of interaction with mercury is time dependent.
These changes in complexation with dissolved organic matter are likely to affect mercury’s reactivity in aquatic
systems, thereby influencing how mercury is methylated and bioaccumulated.

Abstract. Mercury interactions with dissolved organic matter (DOM) are important in aquatic environments but the
kinetics of Hg binding to and repartitioning within the DOM remain poorly understood. We examined changes in
Hg–DOM complexes using glutathione (GSH) titrations, coupled with stannous-reducible Hg measurements during Hg

equilibration with DOM. In laboratory prepared DOM solutions and in water from a Hg-contaminated creek, a fraction of
theHg present asHg–DOMcomplexes did not react toGSHaddition. This unreactiveHg fraction increasedwith time from
13% at 1 h to 74% after 48 h of equilibration with a Suwannee River DOM. In East Fork Poplar Creek water in Oak Ridge,

Tennessee, ,58% of the DOM-complexed Hg was unreactive with GSH 1 h after the sample was collected. This time-
dependent increase in unreactive Hg suggests that Hg forms stronger complexes with DOM over time. Alternatively the
DOM-complexed Hg may become more sterically protected from the ligand exchange reactions, as the binding

environment changes within the DOM over time. These results have important implications to understanding Hg
transformations in the natural environment, particularly in contaminated aquatic systems due to non-equilibrium
interactions between Hg and DOM.
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Introduction

The importance of dissolved organic matter (DOM) in the
complexation of mercury in aquatic systems is well
established.[1–4] DOM is the dominant ligand for Hg binding in

fresh water ecosystems[1,4] and therefore Hg–DOM complexa-
tion is central to understanding many processes such as solid-
phase partitioning,[4,5] oxidation–reduction reactions[6,7] and

bioaccumulation.[8] Recent work has demonstrated that the
formation of Hg–DOM complexes is kinetically controlled in
both laboratory studies and natural aquatic systems.[3,9,10]

Changes in the complexation of Hg and DOM may account for
differences in behaviour between freshly added Hg andmercury
that has been equilibrated with water. For example, mercuric
(HgII) isotopes freshly added to lake mesocosms were reported

to undergo reductionmore readily thanHg already present in the
system.[11] In another experiment in which an enriched isotope
of Hg was added to surface lake water, the newly added and the

existing Hg were partitioned into different size fractions of the
DOM.[12] However, the details of Hg–DOM complexation, such
as Hg repartition within the DOM, remain poorly understood.

The time-dependent changes in reactivity of Hg complexedwith
DOM needs to be understood in order to predict how an eco-
system will respond to changes in Hg sources, either as point,
industrial sources or diffuse sources such as wet and dry atmo-

spheric deposition. Because complexation of Hg with DOM
underpins many Hg transformation reactions, understanding
changes in the reactivity of DOM-bound Hg will likely provide

insights to the geochemical cycling and fate of Hg.
Previous studies have focussed on determining equilibrium

complexation constants between Hg and DOM in aqueous

solutions[1,2,13,14] and in natural waters.[10,15,16] Reported
Hg–DOM formation constants range from 1021 to 1040 at
environmentally relevant concentrations for Hg and DOM.[17]

DOM is a mixture of complex macromolecules with varying

molecular sizes, hydrophobicities and functional and structural
properties. Of particular relevance in the DOM are the reduced
sulfur or thiol functional groups, which are known to form

strong bonds with Hg.[14,18–21] Although the thiol binding sites
are not abundant relative to other functional groups on theDOM,
they are in large excess of Hg in natural aquatic systems. Studies
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that use Hg at concentrations greater than the number of strong

binding sites do not accurately reflect the binding mode of Hg
with DOM under natural conditions. The excess Hg is likely to
associate with the weaker binding sites such as carboxyl or

amine moieties in the DOM under these conditions, resulting in
weaker binding constants.[20,22] Thus the saturation of Hg strong
binding sites in the DOMpartially accounts for the variability of
measured binding constants, but even in studies with very low

Hg concentrations the measured Hg–DOM binding constants
still vary by orders of magnitude.[17,22] Additional factors, such
as the variability in the compositional and structural properties

of DOM from different sources also affect Hg binding.
Recent studies have shown that complexation between Hg

and DOM is not instantaneous,[3,9,10] and this kinetic effect may

contribute to the variability in measured Hg–DOM binding
constants. Slow reactions between Hg and DOM or rearrange-
ments of the complexed Hg within DOM over time are particu-
larly important to systems receiving fresh sources of Hg. For

example, in the Hg-contaminated East Fork Poplar Creek
(EFPC) in Oak Ridge, TN, USA, a fresh source of inorganic
HgII is constantly discharged at the headwater, which is com-

plexed with the DOM slowly as the water moves downstream.[9]

It is unclear if both the strength of the Hg–DOM complexes and
the Hg reactivity also change over time.

Therefore the primary objective of this study was to examine
changes in the reactivity of Hg, once complexed with various
sources of DOM, with competitive ligand exchange (CLE) titra-

tions andassayed bymeasuring stannous-reducibleHg (HgR).The
binding strength of Hg with DOM in EFPC water was also
examined and compared with the results from experiments with
a DOM isolate from the same creek. By examining changes in Hg

complexation and reactivity as it equilibrates with DOM, the
present study contributes to the understanding of geochemical
cycling and fate of Hg in the natural aquatic environment.

Materials and methods

DOM ligand solutions

Competitive ligand exchange titrations were used to examine

time-dependent changes in Hg complexation with several DOM
isolates including the unfractionated Suwannee River natural
organicmatter (SR-NOM) and fractionated humic acid (SR-HA)

from the InternationalHumic Substance Society (IHSS) andEast
Fork Poplar Creek DOM (EFPC-DOM). The DOM collected
from EFPC is a hydrophobic fraction that represents a major
portion of the DOM retained by a XAD-8 resin under acidic

conditions. The isolation procedure used for this DOM has pre-
viously been described.[13,23] The SR-HA is also a DOM fraction
that was retained on XAD-8 but was further fractionated by

precipitation at pH 2.[24] The SR-NOM was isolated by reverse
osmosis.[25] Stock solutions (1000mgCL�1)were preparedwith
DOM isolates dissolved in 10mM phosphate buffer (pH 7). The

dissolved organic carbon (DOC) concentration was determined
with a Shimadzu TOC-5000A total organic carbon analyser after
samples were acidified to pH ,2 with hydrochloric acid. All
experimental solutions were prepared to obtain a DOC concen-

tration of 5mgCL�1 in 0.1-M sodium perchlorate and 5mM
MOPS (3-(N-morpholino)propanesulfonic acid) buffer adjusted
to pH 7. MOPS buffer has been used in several laboratory

experiments investigating the interaction of Hg with DOM
because MOPS does not interfere with the Hg–DOM complex-
ation.[9,15,26] The Hg concentration in the MOPS was below

0.01 nM. These solutions were equilibrated in the refrigerator

under dark conditions overnight before the titrations were con-

ducted. Background Hg concentrations in the DOM experi-
mental solutions were low, typically less than 0.01 nM, except in
the EFPC-DOM. Due to high Hg contamination in EFPC water,

the DOMcollected and purified from this site contained 0.55 nM
Hg in the 5-mgCL�1 experimental solutions.

Creek water collection and characterisation

Time-dependent changes in Hg complexation were examined in

filtered water from EFPC with and without the addition of Hg.
The headwaters of EFPC are located in the Y-12 National
Security Complex in Oak Ridge, TN, which has a history of Hg

contamination. On average,5–7 g Hg day�1 is discharged from
a storm drain at the headwaters of EFPC,[27] and greater than
90% of this Hg is stannous (SnII) reducible (HgR).

[9] HgR is an

operationally defined fraction ofHg that is converted intoHg0 by
a stannous chloride solution (see details in Mercury analysis

section) and this technique has been used to differentiate Hg that

is associated with strong binding sites within DOM versus
inorganic ligands.[9,16,28] We previously demonstrated that the
association of Hg with EFPC creek DOM is kinetically con-
trolled, with HgR decreasing from 90 to 27% from the Hg source

to a site 2.5-km downstream.[9] For the current study a sample
was collected from this 2.5-km downstream location. The creek
water was filtered (0.2-mm Supor filter) within 1 h of collection,

and then titrated at 1, 4 and 24 h after thewater collection. For the
titrations in which additional Hg (0.25 nM) was added, the fil-
tered water sample was held for 24 h before Hg spiking to allow

the ambientHg to reach a steady-statewith theDOMin thewater.

Competitive ligand titration

Competitive ligand exchange (CLE) titrationswith reducibleHg
measurements were conducted to examine changes in the

interaction of Hg with DOM over time. Glutathione (GSH) was
used as a DOM-competitive ligand because the binding strength
of Hg–GSH is comparable to those of Hg–DOM (Table 1).

Table 1. Complexation constants (K)

GSH, glutathione; RS, dissolved organic matter (DOM) binding sites

(reduced thiol functional groups)

Complexes log K Reference

Mercury–GSH complexes

Hg2þþGSH3�-Hg(GSH)� 26.04 [30]

Hg2þþGSH3�þHþ-Hg(GSH)H 32.49 [30]

Hg2þþGSH3�þ 2Hþ-Hg(GSH)H2
þ 35.68 [30]

Hg2þþGSH3�þH2O-Hg(GSH)OH2�þHþ 15.8 [30]

Hg2þþ 2GSH3�-Hg(GSH)2
4� 33.4 [30]

Hg2þþ 2GSH3�þHþ-Hg(GSH)2H
3� 42.4 [30]

Hg2þþ 2GSH3�þ 2Hþ-Hg(GSH)2H2
2� 52.29 [30]

Hg2þþ 2GSH3�þ 3Hþ-Hg(GSH)2H3
� 55.28 [30]

GSH constants

GSH3�þHþ-HGSH2� 8.88 [32]

9.54 [30]

GSH3�þ 2Hþ-H2GSH
� 17.12 [32]

18.22 [30]

GSH3�þ 3Hþ-H3GSH 20.4 [32]

21.72 [30]

GSH3�þ 4Hþ-H4GSH
þ 23.7 [30]

Mercury–DOM constants

Hg2þþRS�-HgRSþ (1 : 1 complex) 21.0–33.5 [17]

Hg2þþ 2RS�-Hg(RS)2 (1 : 2 complex) 28.2–40.4 [17]

RS�þHþ-RSH 10 [2]
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Competitive complexation between GSH and DOM for Hg

provides information on the strength of the interaction of Hg
with the DOM. Because Hg–GSH complexes are readily
reducible by SnII (at 96� 9%), whereas strong Hg–DOM

complexes are not, we used the HgR to quantify Hg–GSH
(i.e. the GSH titratible Hg–DOM) thus examining reactivity
changes in Hg–DOM complexes.

We prepared Hg–DOM solutions using different DOM

sources and allowed the solutions to equilibrate from 1 to
48 h. GSH was then added to the Hg–DOM solutions as a
competitive ligand to react with Hg (Reaction 1). The fraction

of Hg that reacts with GSH and formsHg(GSH)2 is referred to as
‘titratable Hg’ and the Hg that does not react with the GSH is
‘non-titratable’.

Hg2DOMþ 2GSH ! HgðGSHÞ2 þ DOM ð1Þ

Hg was added to the DOM solution from a neutral pH, Hg
stock solution to reach a concentration of 0.5 nM Hg (unless

otherwise noted), and allowed to equilibrate for the desired
amount of time (1–48 h). The Hg-spiked DOM solutions were
then transferred to 20- or 40-mL glass vials before the GSH

addition. A 10mMGSH stock solutionwas prepared daily in the
same MOPS buffer as the DOM solutions and dilutions of this
stock were conducted before addition of the GSH to obtain

concentrations ranging from 0.5 to 100mM. Several preliminary
experiments (details in the Supplementary material) were con-
ducted to determine the required reaction time and stability of

the Hg–DOM and Hg–GSH complexes in solutions, and based
on these experiments a reaction time of GSH with the experi-
mental solutions between 30 and 60min was chosen. After the
reaction of the GSH with the Hg–DOM solutions, HgR con-

centrations were immediately determined. The remaining
samplewas collected and preservedwith brominemonochloride
(BrCl) for total Hg (HgT) analysis.

Speciation calculations

Equilibrium speciation calculations were conducted with
PHREEQC[29] to examine the competitive interaction of Hg

with DOM and GSH. At the low ratio of Hg to DOM used in this
study, the complexation of Hg with DOM is expected to result
primarily from the interaction of Hg with reduced thiol func-

tional groups within the DOM.[14,18–21] For speciation calcula-
tion the interaction of Hg with one and two thiol groups (RS�)
were considered (Reactions 2, 3). The concentration of binding
sites for Hg can be estimated assuming aDOMcarbon content of

50% and a total sulfur content of 0.86%.[15,17] The sulfur is
estimated to be 50% reduced and the strong sites represent 2%
of the reduced sulfur.[17] This results in an estimated binding site

concentration of 27 nM for the experimental solutions contain-
ing 5mgCL�1 DOM. When only strong binding sites are con-
sidered, the binding constants between Hg and one or two thiol

functional groups in DOM range from 1021 to 1040 (Table 1).
The competitive interaction between DOMandGSH for Hgwas
examined as a function of the complexation constant. The large

range of reported constants is a result of differences in DOM
source and experimental conditions, including the equilibration
time between the Hg and DOM, used to determine the constant.
Slight differences in reported protonation constants for GSH

(Table 1) did not affect the outcome of the speciation calculation
at the pH of the experimental solutions so only the calculations
from one set of GSH constants are shown.[15,30]

Hg2þ þ RS� ! HgRSþ ð2Þ

Hg2þ þ 2RS� ! HgðRSÞ2 ð3Þ

Mercury analysis

Methods for HgT and HgR analysis have been described in detail
previously.[9] Briefly, Hg analysis was conducted by cold
vapour atomic fluorescence spectroscopy (CVAFS) detection of

Hg0.[28,31] At each titration point a sample was collected and
preserved with HCl (0.5%). Within 5min of preservation an
aliquot of the preserved sample was added to a gas washing

bottle containing 100mL of nanopure water for HgR analysis.
SnCl2 (500 mL of a 20%w/v solution in 10%HCl) was added as
a reducing agent. The reduced gaseous Hg0 was purged from
solution with ultra high purity argon and collected on gold-

coated sand traps. The Hg on the traps was thermally desorbed
into the CVAFS detector. For HgT analysis, BrCl was added to
samples for a minimum of 24 h. Hydroxylamine hydrochloride

was then added to the sample just before the analysis with an
automated CVAFS system (Tekran 2600). Sample duplicates,
spikes and an acid-digested reference material (ERM-CC580)

were routinely analysed for quality controls. For HgT analysis,
relative standard deviations of duplicate samples were less than
5% and average spike recoveries were 101� 6%. Relative

standard deviations of HgR samples were also less than 5%. The
loss of Hg to bottle walls during the experiment was estimated
by examining changes in the HgT concentration over time. For
all experiments this loss of Hg was less than 10% during the

course of the experiment.

Results and discussion

GSH – reducible Hg titration

CLE HgR titrations coupled with HgR measurements were first
used to examine changes in the interactions between Hg and

SR-NOM or EFPC-DOM over time (Fig. 1). Titrations were
conducted after Hg was equilibrated with SR-NOM (5mgCL�1)
for 1, 4, 24 and 48 h. When used independently, HgR measure-

ments provide information on the association of Hg with DOM
but not on changes in the complexation strength.[9,16] Without
added GSH (GSH¼ 0mM), HgR decreases over 48 h from 52 to

6.2% (relative to the measured HgT concentration) as a result of
Hg complexation with DOM (Fig. 1a). More information can be
ascertained about the Hg–DOM complex when GSH titrations
are coupled with the HgR measurements. For each time series,

the amount of Hg reacting with the GSH increased with the
increase in GSH concentration from 0.1 to 10mM. No clear
increase inHgRwas observed at higherGSH concentrations, and

the maximum GSH-titratable Hg was thus determined from the
average of the 50 and 100mMGSH titration data. After 1 h of Hg
reactionwith the SR-NOM, amaximumof,87%of theHgwas

titratable, but as this complex aged for 4, 24 and 48 h the
titratable Hg decreased (Fig. 1a). The maximum amount
of titratable Hg dropped by 51% within the first 24 h and this

was followed by an additional change of only 8% in the sub-
sequent 24 h indicating that the majority of the changes in
complexation occurred in the first 24 h.

The interaction ofHgwith the EFPC-DOMwas similar to the

SR-NOM (Fig. 1b). Before adding the Hg spike the EFPC-DOM
solution contained 0.55 nM HgT, of which 14.4% (data not
shown) was present as HgR. After spiking in 0.5 nMHg but with

Mercury–DOM reactivity
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no GSH addition, HgR decreased from 52 to 27% in 24 h
(Fig. 1b). As the GSH concentration increased from 0 to
10 mM, HgR substantially increased in each of the time series,

but the HgR values levelled off at GSH concentrations above
10 mM and reached a maximum level at a GSH concentration of
,50mM. Over time the maximum GSH titratable Hg decreased

to 47% for the 24-h reaction time series. This is similar to the
results with the SR-NOM solutions in which a large fraction of
the Hg did not react with the GSH, suggesting that the Hg is

forming either very strong or unreactive complexes with EFPC-
DOM as the reaction time increases.

The decrease in GSH-titratable Hg with time indicates that
the bindingmode, or the binding strength, of Hg–DOM changed

over time. The study was designed to examine time-dependent
changes in the interaction of Hg with DOM. As a result
equilibrium conditions were not established and equilibrium

complexation constants could not be determined based on the

data in this study. Speciation calculations with previously
determined binding constants for the Hg–DOM and Hg–GSH
complexes can provide insight into the GSH titration results.

Equilibrium constants for GSH protonation and for complexa-
tion of Hg with GSH have been previously reported[15,30,32] and
are used here (Table 1). Complexation constants for Hg and

DOM binding range by many orders of magnitude[17] and have
been determined for the formation of Hg with one and two thiol
functional groups in the DOM (Reactions 2, 3). Due to the large

range of the reported values, theoretical GSH titration curves
were determined with a range of constants for the 1 : 1 and 1 : 2
Hg–thiol complexes (Fig. 2). The speciation calculations were

performed with 0.5 nM Hg, 27 mM binding sites in 5mgCL�1

DOM and the range of GSH concentrations used in the experi-
ments. Under the experimental conditions, binding constants for
the 1 : 1 and 1 : 2 Hg–DOM complexes would need to be greater

than 1030 and 1040 respectively for the DOM to outcompete the
GSH for binding.

A comparison of the experimental and modelling results

indicates that the interaction of GSH with the Hg–DOM
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Fig. 1. Percentage of Hg present as a SnII-reducible Hg (HgR) during

glutathione competitive ligand titrations in solutions containing (a) Suwan-

nee River natural organic matter (SR-NOM) and (b) East Fork Poplar Creek

dissolved organic matter (EFPC-DOM) following equilibration with Hg for

1, 4 and 24 h. For SR-NOM, 48-h results are also included. The total DOM

concentration was 5mgCL�1, and 0.5 nM Hg was added into the solutions.

The total concentration of the backgroundHg in SR-NOMsolutions was low

(below detection), but it was 0.55 nM in the EFPC-DOM solutions as a result

of the high concentration of Hg in the water from which this DOM was

isolated. Error bars are the calculated standard error determined from

analytical replicates of HgR and total Hg (HgT) analyses.
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complex cannot be adequately predicted by equilibrium calcu-
lations. The increase in HgR with increasing GSH concentra-
tions is theoretically predicted; GSH should be able to extract all
the Hg from DOM, which is not demonstrated by experiments.

This discrepancy suggests that either Hg is associated with
multiple binding sites within the DOM or the DOM binding
sites for Hg are inaccessible to GSH. The presence of multiple

binding sites with different abundances and binding strengths in
DOM is not unexpected[22] but the inability of GSH to compete
with these binding sites on the DOM does not agree with

previously published Hg–DOM binding constants. Presumably
Hg is bound to a site that is in the hydrophobic moiety of the
DOM, thus inaccessible to GSH. Alternatively, agglomeration

of the DOM macromolecule could be occurring resulting in
steric protection of Hg from reacting with GSH. It has been

demonstrated that Hg forms complexes with organic matter in

peat in which the Hg binds to thiolated aromatics.[33] These
structures represent some examples of species that potentially
form hydrophobic Hg–DOM complexes, and could potentially

explain the lack of reactivity of the Hg–DOM complex
with GSH.

A substantial decrease in GSH-titratable Hg is not observed
with all DOM isolates. In solutions containing the SR-HA and in

the absence of GSH, the fraction of HgRwas 56% after 1 h of Hg
reaction with the DOM, and this fraction only decreased to 51%
after 24 h (Fig. 3a). The amount of GSH-titratable Hg was

greater than 85% and this did not decrease substantially over
time (Fig. 3b). The large percentage of reducible Hg complex
with the SR-HA isolate, regardless the equilibrium time, sets a

strong contrast with the results of the unfractionated SR-NOM
from the same water source. This does not suggest that the Hg is
not complexed to SR-HA,[9] but indicates that the dominant
complexes of Hg are likely different from those with SR-NOM.

The SR-HA isolate was collected in 1982[24] whereas the
unfractionated SR-NOM was collected in 1999 with different
isolation methods[25] so variations in the DOM characteristics

are expected. The composition of the DOM in the Suwannee
River has been extensively studied, and the SR-HA fraction
comprised.50%of the total SR-NOM.[23] The SR-HA fraction

is a hydrophobic fraction of SR-NOM isolated with XAD-8
resins. One possible reason for the differences observed between
the unfractionated SR-NOM and the SR-HA isolates is that

substantial oxidation of thiol functional groups may have
occurred in SR-HA, because this DOM fraction was eluted with
a strong base and has been stored for more than 30 years. On the
contrary, SR-NOM was isolated by reverse osmosis and has

never been exposed to strong base. The freshly isolated EFPC-
DOM (also by XAD-8) exhibited similar increases in non-
reducible Hg and non-titratable Hg over time as the SR-NOM.

Nonetheless, the differences observed with the DOM isolates
highlight the need to compare these results with experiments in
which the unaltered natural water was used.

Complexation of Hg in EFPC

The GSH-titratable Hg in filtered EFPC water (Fig. 4) was
similar to Hg spiked into laboratory solutions of SR-NOM and

EFPC-DOM. Experiments were designed to simulate the addi-
tion of reactive Hg to natural water with DOM. Filtered water
from EFPC, containing 1.6mgCL�1, was held overnight to
allow the ambient Hg to form non-reducible complexes with the

DOM before new Hg was spiked into the water. The total Hg in
the water before spiking was 0.35 nM, of which ,12% was
present as HgR. In the EFPCwater spiked with Hg (0.25 nM) the

maximum GSH-titratable Hg decreased over time (Fig. 4a)
similar to what was observed in the laboratory solutions con-
taining SR-NOM and EFPC-DOM. These results indicate that

the interaction of Hg with DOM in the laboratory mimics the
reaction of Hg in filtered creek water.

The GSH-titratable Hg was also examined in the unamended
creek water from EFPC, and the HgR fraction decreased over

time but to a lesser extent (Fig. 4b). The HgR concentration
(without GSH addition) was 0.075 nM or 19% of the filter-
passing Hg 1 h after collection. The HgR fraction decreased to

12%when the water was held for 24 h.With GSH addition up to
100mM, the maximum GSH titratable Hg was only 42%
(Fig. 4b) analysed 1 h after sample collection, and the titratable

fraction decreased to 25% after 24 h. The 1-h data from the
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Fig. 3. Percentage of SnII-reducibleHg (HgR) relative to the total Hg (HgT)

in solution (a)without and (b)with glutathione (GSH) titration.All dissolved

organic matter (DOM) solutions were equilibrated with Hg (0.5 nM) for 1

(black), 4 (grey) and 24 h (white) and the DOM solutions include:

Suwannee River unfractionated natural organicmatter (SR-NOM), fraction-

ated humic acid (SR-HA), a DOM isolate from East Fork Poplar Creek

(EFPC-DOM), and filtered water from EFPC with a Hg spike (EFPC with

Hg) and without (EFPC without Hg). The percentage of HgR after GSH

titration is the maximum titratable amount of Hg, determined from the

average of the 50 and 100mM GSH titration points because no increase in

HgR occurred with .50mM GSH. Error bars are the calculated standard

error determined from analytical replicates of HgR and HgT analyses.

Mercury–DOM reactivity

499



spiked and unspiked samples shows that the HgR fraction in

EFPCwater (Fig. 4b) is much lower than those in EFPC samples
spiked with fresh Hg (Fig. 4a), suggesting that stronger or non-
titratable Hg–DOM complexes have formed in EFPC. The
EFPC water sample was collected at a location 2.5 km from

the head water where Hg was discharged. Based on the average
flow rates under base flow conditions, the water transit time for
this 2.5-km section of the creek is ,1.5 h. Thus within this

reaction time, the stronger Hg–DOM complex has formed in the
creek, decreasing the reactivity of Hg. Data in Fig. 4b also
suggest that the complexation of Hg with DOM is not at

equilibrium and Hg speciation continues to evolve as water
flows farther downstream.

Environmental implications

The complexation of Hg with DOM changes over time resulting
in the formation of less reactive Hg–DOM complexes as they

age. The presence of the GSH-non-titratable Hg complexes in
EFPC creek indicates that the controlled laboratory studies with
DOM isolates andHg spikes can simulate processes occurring in

the natural water. Changes in the reactivity of Hg towards GSH

when the Hg is equilibrated with DOM suggest that the inter-

action of Hg and DOM is dynamic, and the rearrangement of the
Hg within the DOM macromolecules occurs over time. Other
studies have also noted the inability of a fraction of the Hg to

react with GSH in natural water samples and in laboratory
prepared solutions with DOM isolates.[3,15] In natural water this
was attributed to the potential presence of inorganic Hg–sulfide
complexes[15] and recent studies have demonstrated the stabi-

lisation of nanoparticulate Hg–sulfides by DOM.[34] The pres-
ence of metal sulfides is possible in the experimental solutions
and could potentially account for the less than predicted inter-

action of Hgwith GSH. The decrease in reactivity of Hg towards
GSH over time could also be explained as a result of the for-
mation of Hg–DOM complexes that are in regions of the DOM

that are not accessible to the GSH.
The presence of GSH-non-titratable Hg–DOM complexes in

EFPC water can influence the transformation and fate of Hg in
this and other aquatic ecosystems. Changes in the reactivity of

Hg as it equilibrates with DOM provide an explanation for
observed differences between the reactivity of freshly added Hg
and the ambient Hg that has equilibrated with the DOM in

natural aquatic systems. For example, the increase in dissolved
Hg0 produced in the open ocean water after a rain event[35,36] or
in mesocosm studies after the addition of a Hg spike[11,37–39]

could be a result of the newly addedHg beingmore reactive than
the Hg that has long been equilibrated with the surface water
DOM. It is not surprising that such interactions are highly

complex and dynamic because DOM comprises a complex
mixture of organic compounds that vary in size, molecular
structure and compositions.[40] Therefore to understand the role
of DOM in aquatic Hg cycling, not only the sources of DOM

need to be considered but the reaction kinetics, complexation
strength and reactivity also need to be examined.

Supporting material

Influence of reaction time between the Hg–DOM solutions and
GSH on the stannous chloride reducible Hg concentration
results is provided (see http://www.publish.csiro.au/?act=

view_file&file_id¼EN12096_AC.pdf).
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